Herbicides are one of the major classes of pollutants contaminating coastal waters over the world. Among them, diuron (3-(3,4-dichlorophenyl)-1,1-dimethylurea) is a phenylurea herbicide frequently detected in oyster-producing area, known to be toxic for this important exploited non-target species. With the aim to investigate the mechanisms by which diuron displays its toxicity in oyster, the implication of both biotransformation and oxygen reactive species (ROS) production was studied considering embryotoxicity and genotoxicity as endpoints. Comparative embryotoxicity and genotoxicity of diuron and its main metabolites (DCPMU, DCPU and 3,4-DCA) were thus studied on oyster larvae by the embryo-larval bioassay on D larvae and the comet assay on trochophore larvae, respectively. Exposures were also performed in presence and absence of known ROS scavenger compounds − ascorbic acid and N-acetylcysteine, to evaluate the involvement of oxyradicals in the toxic responses. In the case of diuron, the production of ROS on exposed oyster larvae was also measured using 2',7'-dichlorodihydrofluorescein diacetate as a probe for flow cytometric analysis.
Introduction
The Japanese oyster Crassostrea gigas is one of the world's leading aquaculture species. It is of particular economical importance in France since the country is the third producer of this mollusc worldwide and the first one in Europe (CNC 2013) . Since 2008, 40 to 100% of the juvenile oysters (spat) die during recurrent summer mortality events that seem to be due to a combination of different biotic (pathogens and health condition of the oysters) and abiotic (water temperature, salinity, coastal pollution and aquaculture practices) factors (Samain et al. 2007 ). Moreover, early life stages (eggs, embryos and larvae) of fish and aquatic invertebrates have been shown to be particularly sensitive to environmental stressors (Hutchinson et al. 1998; Mohammed 2013) . This is the reason why embryolarval bioassays are widely used in ecotoxicology especially in cupped oyster, a sentinel species for the biomonitoring of the marine environment (Quiniou et al. 2007; Vethaak et al. 2015) . In parallel, France is the first European user of agro-chemical products and the third one in the world with about 60,000 tons used per year (Jacquet et al. 2011 ). This high consumption of chemically active substances threatens coastal species through several processes such as direct or indirect run-off from agricultural areas, leakage of antifouling paints from boating activities or even accidental spills in waters (Renault 2011) . Certain pesticides can so trigger toxic effects to non-target species such as bivalves and among them, oysters. Therefore among the 45 priority pollutants identified by the European Water Framework Directive, 25 are pesticides (Directive 2013/39/UE).
The herbicide diuron or DCMU (3-(3,4-dichlorophenyl) -1,1-methylurea) belongs to the phenylurea family and was widely used for both weed control in agriculture and as a bioactive substance in antifouling paints (Moncada 2004) . In weeds and plants, diuron blocks the photosynthetic electron flow by competing with the plastoquinone for its receptor, which leads to a non-photochemical quenching and deleterious production of reactive oxygen species (ROS) (Geoffroy et al. 2002; Ihlaseh et al. 2011) . Diuron is prohibited in France since 2008 as a phytosanitary substance and as a biocide since 2009 (Directive 2008/91/EC). Its use is also strongly regulated all around the European Union that sets up a threshold limit of 0.2 μg.L -1 for marine coastal waters. However, it remains widely used in numerous regions of the world (Lourencetti et al. 2008; Ngigi et al. 2011; King et al., 2013) . Diuron is detected in coastal waters at concentrations ranging from 0.02 to 1.9 µg.L -1 (Buisson et al. 2008; Caquet et al. 2013; Loos et al. 2013) .
Once released in the environment, diuron undergoes both biotic and abiotic transformation. In soil and water, it is mainly biotransformed by fungi, bacterial communities and epiphilic biofilms into three main known metabolites (Pätzold & Brümmer 2003; Sørensen et al. 2003; Giacomazzi & Cochet 2004) . DCPMU (3-(3,4-Dichlorophenyl)-1-Methylurea) is formed after a first demethylation step and turns into DCPU (1-(3,4-Dichlorophenyl) Urea) after a second consecutive one. DCPU is finally hydrolysed into 3,4-DCA (3,4-Dichloroaniline). Diuron is also slightly photolysed and hydrolysed (Stasinakis et al. 2009; Salvestrini 2013; Zeng & Arnold 2013) . However, In a laboratory study performed in 15°C filtered seawater, Thomas et al. (2002) did not observe any abiotic degradation of diuron over 42 days. Therefore, diuron is considered as a rather persistent substance. DCPMU and DCPU show a lower persistence in water while 3,4-DCA presents a stronger stability (Thomas et al. 2002) .
When absorbed by non-target animal species, diuron can be metabolized. In an in vitro study using microsomal incubation, Abass et al. (2007) demonstrated that human, rat, mouse, dog, monkey, minipig and rabbit have the ability to metabolise diuron into DCPMU, DCPU or 3,4-DCA depending on the species. In oyster, the low bioconcentration factor (BCF) of diuron (between 7 and 17) highlights a low ability of oyster to bioaccumulate diuron, probably due to biotransformation activities (Buisson et al. 2008; Luna-Acosta et al. 2012 ) that could be directly involved in the expression of its toxicity.
Genotoxicity on gamete and somatic cells (Bouilly et al. 2007; Akcha et al. 2012; Barranger et al. 2014 ), embryotoxicity (Akcha et al. 2012 Barranger et al. 2014 ) and immunotoxicity (Gagnaire et al. 2007; Luna-Acosta et al. 2012; Barranger et al. 2015) were already reported after exposure to 0.05 to 3.00 μg.L -1 of diuron depending on the studies. As already demonstrated for other herbicides such as paraquat, glyphosate and atrazine, ROS production could also be involved in the toxicity of diuron (Glusczak et al. 2006; Awadalla 2012; Blahová et al. 2013; Griboff et al. 2014) .
In this study, we aim to investigate the mechanisms by which diuron exerts its toxic effects on oyster. To check for a role for biotransformation, we studied the toxicity of diuron and each of its known metabolites (DCPMU, DCPU and 3, . We first compared the potential embryo-and genotoxicity of diuron and its metabolites using the standardized embryo-larval bioassay and the comet assay respectively. To state on the possible involvement of ROS production on the measured toxic endpoints we (1) used flow cytometry to measure the effect of diuron exposure on ROS production and (2) studied the effect of a co-exposure of the herbicide or its individual metabolites with a know antioxidant compound on the toxic responses.
Material and methods

Reagents
Diuron (Pestanal, analytical standard), dimethyl sulfoxide (DMSO), normal and low melting point agarose, triton X-100, GelRed, RPMI 1640 medium, foetal bovine serum (SVF), trypsine, ascorbic acid and N-acetylcysteine were purchased from Sigma Aldrich Chemicals (France). DCPMU (3-(3,4-Dichlorophenyl)-1-Methylurea), DCPU (1-(3,4-Dichlorophenyl) Urea) and 3,4-DCA (3,4-Dichloroaniline) (fig. 1) were purchased from Dr Ehrenstorfer (Augsburg, Germany). 2',7'-dichlorodihydrofluorescein diacetate (H2DCF-DA) was purchased from Molecular Probes (Eugene, OR, USA). Stock solutions of, respectively, diuron, DCPMU, DCPU and 3,4-DCA at 1 mg.L -1 were prepared in DMSO and stored at -20°C. Working solutions were then prepared through successive dilutions of the stock solutions in DMSO and stored at -20°C.
Genitor origin
Sexed mature oysters (Crassostrea gigas, Thunberg, 1793) came from the commercial hatchery Guernsey Sea Farm (UK). After reception, oysters were stored at 4°C in filtered seawater (FSW) with aeration and used within the next two days.
The seawater used for these experiments came from the experimental hatchery of Ifremer La Tremblade (France). Water was pumped directly from the Seudre river estuary, filtered through a sand filter (40 μm) and passed through UV rays. The water was stored at 4°C and filtered once more at 0.22 μm right before use.
Gamete recovery and fertilization
For each assay, the gametes from two to five couples were used to reduce individual variations among genitors. For the embryotoxicity assay, mature males and females were induced to spawn by thermal shock. Oysters were transferred from 4°C to 15°C seawater baths for 90 min, then transferred into a 29°C bath for 30 min to induce gamete release.
Spawning individuals were then isolated in individual beakers.
For both the genotoxicity and flow cytometry analysis, spawning was induced by scarification of the gonads using a surgical scalpel for practical experimental convenience.
In both cases, oocytes and spermatozoa from each individual were sieved under 100 and 40 μm, respectively. Sperm mobility and egg shape were observed under an inverted microscope and concentrations were determined using a Thoma cell counting chamber. Gametes from each sex were then pooled and fertilization was performed by mixing spermatozoa and oocytes in a 6:1 ratio. Within 30 min after mixing, fertilization success was checked under an inverted microscope. Fertilized eggs were then used for both embryotoxicity and genotoxicity assessment as described below.
Embryotoxicity assay
The embryotoxic effects of diuron, DCPU, DCPMU and 3,4-DCA were studied using the standardized embryo-larval bioassay (AFNOR XP-T-90-382). Fertilized eggs were transferred into both control and assay beakers (30 mL) in a final concentration of 30 000 eggs/L and incubated for 24 h at 24°C in the dark to reach the developmental stage of Dlarvae.
Chemical exposure
In a first set of experiments, diuron and its metabolites were individually tested in parallel at different concentrations including environmentally relevant ones (Table 1) . Control conditions were filtrated seawater (FSW) and solvent DMSO at a standardized final concentration of 0.05% in all the experiments. Regarding the results, a second set of experiments was then carried out to better characterize the lowest effective concentration inducing developmental toxicity in oyster (Table 1) . It is noteworthy that 3,4-DCA was withdrawn from further analyses due to its lack of toxicity even at the highest tested concentrations during the first set of experiments. For each control (FSW, DMSO) and assay condition, three technical replicates were made and each independent experiment was repeated three times. For each embryotoxicity test, exposure to the model embryotoxicant copper sulphate (10 to 100 μg/L) was also systematically done in parallel in order to check for the responsiveness of the bioassay as mentioned in the AFNOR procedure.
To assess the involvement of ROS in embryotoxicity, diuron, DCPMU and DCPU were also individually tested at a concentration of 0.5 μg.L -1 in the presence of two known antioxidant compounds namely N-acetylcysteine and ascorbic acid at different concentrations (1-300 μM). Incubations were also done with the antioxidant alone in order to check for its potential impact on the toxicity of diuron and its metabolites.
Because both ROS scavengers showed similar pattern of toxicity and antioxidant potential, only co-exposure with ascorbic acid was repeated twice.
Analysis of D-larvae
24hpf D-larvae were fixed with 8% neutralized formol (0.5 mL/30 mL). One hundred larvae per beaker were analysed afterwards under an inverted microscope (x20) to determine the proportion of abnormal larvae, i.e. those presenting shell and/or mantle deformities.
2.5.Genotoxicity assessment by the alkaline Comet Assay
Genotoxic effects of diuron and its metabolites were assessed using the alkaline comet assay on 6 hpf-trochophore stage larvae using a protocol adapted from Wessel et al. (2007) . Fertilized eggs were transferred into both control and assay beakers (2 L) at a final concentration of 50 000 eggs/L and incubated for 6 h at 24°C in the dark to reach the stage of trochophore larvae.
Chemical exposure for the genotoxicity study
Fertilized eggs were exposed in triplicate to three concentrations of diuron, DCPMU, DCPU and 3,4-DCA (0.002; 0.05 and 0.5 μg.L -1 ). Control conditions were filtrated seawater (FSW) and solvent DMSO at a standardized final concentration of 0.05%. In the case of diuron, an additional experiment was conducted by co-exposure of the fertilized eggs to a concentration of 0.5 μg.L -1 in the presence and absence of ascorbic acid (50 μM). As for the embryotoxicity test, three technical replicates were made for both control and assay conditions and each experiment was repeated twice. Based on our experience the basal level of DNA damage (Tail DNA) in the control group was expected to be less than 18% to validate the assay.
Dissociation of trochophore larvae before the comet assay
Following exposure, the 6hpf trochophore larvae from both control and assay beakers were collected on a 25 µm sieve with FSW. After a gentle centrifugation for 5 min at 2500 rpm, larvae were re-suspended in 2 mL of Calcium Magnesium Free Saline buffer (CMFS) (20 mM HEPES, 500 mM NaCl, 12.5 mM KCl, 5 mM EDTA) supplemented with 50% of 25% trypsin-EDTA. Following gentle agitation at room temperature for 5 min, the cell suspension was sieved through 37 μm and the cells were re-suspended in CMFS supplemented with 35% RPMI 1640 and 15% SVF. After centrifugation (2500 rpm x 5 min), supernatant was discarded and cell pellet directly used for the comet assay.
Comet assay
For each triplicate sample, the cell pellet was re-suspended in 100 μL of 0.5 % low-melting point agarose (LMP) in Phosphate Buffered Saline (PBS) (137 mM NaCl, 2.7 mM KCl, pH 7.4). Ninety μL of the suspension were pipetted over a slide previously coated with 0.5% normal melting point agarose (NMP) in PBS and spread using a micro-cover glass. Slides were immediately put on a cold tray in the dark for a couple of minutes in order to allow agarose to polymerize. Cover slides were removed and a third layer of LMP was added to the slides. Once agarose polymerized, slides were immersed in ice-cold lysis buffer (2.5 M NaCl, 0.1 M EDTA-Na2, 0.01M Tris base, 1% N-sarcosinate, 10% DMSO, 1% Triton X-100, pH 10) and left in the dark at room temperature for an hour. At the end of the lysis period, electrophoresis for 15 min at 23 V (390 mA, E = 0.66 V/cm) was done to cause DNA migration. After the electrophoresis, slides were washed in Tris base (0.4 M, pH 7.5) and fixed in a final bath of absolute ethanol for 10 min. Slides were left drying overnight in the dark at room temperature. Right before the analysis, slides were marked with 75 μL of GelRed at 8 mg.L -1 . After at least an hour of incubation in the dark at 4°C, slides were observed under an optical fluorescence microscope (Olympus BX60, ×40) equipped with a CCD camera (Luca-S, Andor Technology) and an image analysis system (Komet 6, Kinetic Imaging Ltd.). Fifty nuclei were analysed per slide and the percentage of DNA present in the Comet tail (% Tail DNA) was measured for each observed nucleus.
ROS production measurement
The probe
To measure the potential of diuron exposure to induce ROS production, the fluorescent probe 2',7'-dichlorodihydrofluorescein diacetate (H2DCF-DA) was used. This non-polar dye is regularly used in single cell analyses of oxidative stress. The molecule enters the cells where it is cleaved by esterases first into the non-fluorescent 2',7'-dichlorodihydrofluorescein (H2DCF), which is converted into the highly fluorescent 2',7'-dichlorofluorescein (DCF) by ROS. The intensity of the fluorescent signal is thusROS concentration-dependent. A stock solution of H2DCF-DA at 10 mM in DMSO was used to prepare a 625 μM working solution in PBS. Both solutions were stored at -20°C prior use.
The ability of H2DCF-DA to be absorbed and converted into fluorescent DCF in whole oyster trochophore larvae was previously checked by incubating oyster larvae with two different concentrations of H2DCF-DA (50 and 138 μM) for 10, 20, 25 and 40 min.
Trochophore larvae were then observed using an optical fluorescence microscope (Olympus BX60, ×40) equipped with a CCD camera (Luca-S, Andor Technology).
Chemical exposure
Fertilized eggs were transferred into both control and assay beakers (2L, triplicate) at a final concentration of 50 000 eggs/L. Diuron was tested at three concentrations (0.002, 0.05 and 0.5 μg.L -1 ), and H2O2 at 50 µM was used in parallel as a positive control. For the highest concentration of diuron, a co-exposure with ascorbic acid at a final concentration of 25 μM was also carried out. Following incubation for 6 h at 24°C at these different conditions, the resulting trochophore larvae were collected by sieving at 25 µm in a final volume of 300 μL FSW. Right before flow cytometry analyses, a positive control was prepared by exposing FSW control trochophore larvae to 50 μM H2O2 for 10 min. Three independent experiments using different genitor lots were done.
Flow cytometric analysis
H2DCF-DA was added to each sample of 300 μL of trochophore larvae suspension to reach a final concentration of 50 μM (0.05 % DMSO) followed by 20 min of incubation in the dark at room temperature before analysis. ROS production measurement was carried out on a BD Fortessa X20 using an argon filter 530/30 and a blue laser at 488nm. Viability of the cells was checked by a co-incubation with DAPI at a final concentration of 1 μg.mL -1 .
Data analysis was performed on a BD FACSDiva Software.
Statistical analysis
Statistical analysis was conducted using STATISTICA version 10 (Statsoft, Inc., OK, USA).
Normality was checked using Lilliefor's test and variance homogeneity by Bartlett's test.
Raw data were first individually analysed for each tested toxicant (diuron and its metabolites) by main effect ANOVAs using the "independent experiment" and the "exposure modality" (controls and tested concentrations) as factors, considering the possible interaction between factors. In a second step and with the aim to compare the toxicity of diuron and its metabolites, another main effect ANOVA was also conducted with all the data using the "independent experiment", the "tested substance" and the "exposure modality" as factors, considering the possible interaction ("tested substance" x "exposure modality"). Tukey post-hoc test was used to analyse significant differences (p < 0.05).
Results
Comparison of the toxicity of diuron and its metabolites
3.1.1. Embryotoxicity on oyster D larvae 3,4-DCA was the only compound that did not show any sign of embryotoxicity during the present study, even at concentrations up to 5 μg.L -1 (data not shown). For diuron, DCPMU and DCPU, an embryotoxic effect was recorded on oyster D larvae in different extent ( Fig.   2A and Fig 2B) .
In the case of diuron, a significant embryotoxic effect was detected from the lowest tested concentration of 0.05 μg.L -1 compared to both solvent and seawater controls (p < 0.001) (Fig. 2B) . The toxicity of diuron for larval development was confirmed at the same concentration by the second set of experiments with 38.2 ± 4.5 % abnormal D-larvae compared to 16.3 ± 2.9 % for the solvent control ( Fig. 2A) . A significantly higher level of abnormalities was measured even at the lower concentration of 0.01 µg.L -1 diuron, but only in comparison to the FSW control (p = 0.03) (Fig. 2A) .
For DCPMU, embryotoxicity was observed starting from exposure to 0.01 μg.L -1 (p = 0.04) but with no concentration-depend increase in the % of abnormal larvae: 29.3 ± 1.2 % abnormal D-larvae in comparison to 16.3 ± 2.9 % for the DMSO control ( Fig. 2A and 2B ).
DCPU exposure was also associated with an increase in larval abnormalities from the concentration of 0.05 μg.L -1 (p = 0.05). As in the case of diuron, a higher level of abnormalities was also detected at 0.01 µg.L -1 but only in comparison to FSW control. ( Fig.   2A and 2B) .
By using all the data available from this study, we directly compared the embryotoxicity of diuron and its DCPMU and DCPU metabolites for each set of experiments. When testing concentrations ranged from 0.05 to 0.50 µg.L -1 , diuron appeared significantly more embryotoxic than DCPMU and DCPU (p < 0.001) ( Fig. 2A) , due to the high embryotoxic effect recorded for diuron at 0.5 µgL -1 (nearly 55% of abnormalities). However, diuron showed a similar embryotoxic effect with the metabolites when considering a lower range of concentrations (0.002 to 0.050 µg.L -1 ) (p = 0.3) (Fig. 2B) .
It is worth mentioning that variations among the different independent experiments were frequently observed during this study.
Genotoxicity on oyster trochophore larvae
In the case of diuron exposure, the main effect ANOVA showed a significant increase in tail DNA from 0.05 μg.L -1 (p < 0.001) (Fig. 3 ) with no significant difference between the two experiments (p = 0.61). The increase was of 8. 9 % at 0.05 μg.L -1 and 13.8 % at 0.5 µgL -1 when compared to the solvent control. Exposure to 3,4-DCA also induced a genotoxic effect from the tested concentration of 0.05 μg.L -1 (+ 10.2% compared to the solvent control) (p < 0.001) (Fig. 3) . In the case of DCPU (p = 0.005), a significant increase in tail DNA was observed at the intermediate concentration of 0.05 μg.L -1 but not at 0.5 µgL -1 (Fig. 3) . Concerning DCPMU, a genotoxic effect was only measured after exposure to 0.5 μg.L -1 (p = 0.001) with an increase in tail DNA of 14.2 % compared to the solvent control (Fig. 3) . Despite these slight individual differences in the genotoxic responses, the main effect ANOVA performed on all the data showed no significant difference between diuron and its metabolites (p = 0.83), all of them being responsible for a genotoxic effect from the concentration of 0.05 µgL -1 (p < 0.001).
Implication of ROS production in diuron embryo-and genotoxicity
ROS production in trochophore larvae exposed to diuron
Flow cytometric analysis revealed a steady concentration-dependent increase in ROS detection in trochophore larvae: from 92 ± 13 to 121 ± 14 and 197 ± 13 percent of FSW control after exposure to 0.002, 0.05 and 0.5 μg.L -1 of diuron, respectively (Fig.4) . However, it became significantly different from the controls only after exposure to 0.5 μg.L -1 of diuron (p < 0.001). At this concentration, the fluorescent signal is similar to the one obtained following exposure to the positive control H2O2 (50 μM). It was significantly decreased by 71.1 % in the presence of the ROS scavenger ascorbic acid (p < 0.001) (Fig.   4 ). Exposure to ascorbic acid only has no effect on ROS detection (p = 0. 07).
Effect of co-exposure with ascorbic acid on the toxic responses
Co-exposure of diuron, DCPMU or DCPU with ascorbic acid resulted in a significant decrease in the embryotoxic effect previously demonstrated for these molecules. In the case of diuron, ascorbic acid at a concentration of 25 µM allowed a return to a basal level of frequency of abnormal D-larvae (from 46.2 ± 3.4 % abnormal D larvae at 0.5 µgL-1 to 22.0 ± 2.6 % (p = 0.1) (Fig. 5) . The same scenario was observed for DCPU and DCPMU following co-exposure with 10 (p = 0.06) and 25 μM (p = 0.08) of ascorbic acid, respectively (Fig. 5) . The two independent experiments showed some differences in the results (p < 0.01) with a batch of oyster genitors being more sensitive than the other one.
When exposure to diuron was done in the presence of ascorbic acid, the genotoxic effect previously observed on trochophore larvae was cancelled and values were similar to those from the control (p = 0.83): 20.6 ± 0.7 % tail DNA versus 23.4 ± 1.0 % for diuron/ascorbic acid and DMSO control, respectively (Fig. 6 ). Exposure to ascorbic acid only did not trigger any DNA damage (p > 0.05). The two independent experiments did not show any differences (p =0.81).
Discussion
Diuron is both embryotoxic and genotoxic to oyster early life stages
Diuron is classified as slightly toxic to aquatic invertebrates (Giacomazzi and Cochet, 2004 (Buisson et al. 2008 ). In the study, authors exposed adult oysters to various concentrations of diuron and they observed atrophies of the digestive tubule epithelium and premature spawning in males.
In the present study, embryotoxic and genotoxic effects of diuron were demonstrated in regilla and X. laevis (Schuytema & Nebeker 1998) . Effective embryotoxic concentrations of diuron varied depending on the species. This is probably due to differences in the uptake and biotransformation abilities, which are the key factors determining the internal effective concentration of a toxic substance. Because of their filtering behaviour, oysters and bivalve molluscs are known to strongly accumulate pollutants in their tissues. Despite their lower ability to biotransform pollutants compared to vertebrates, they can bioactivate pollutants and express their toxicity. All this can explain why C. gigas appears especially sensitive to pollutant exposure, enforcing its role as a sentinel species in biomonitoring programs. It is worth mentioning that recently a parental exposure to diuron during gametogenesis was even shown to result in larvae abnormality in the offspring (Barranger et al., 2014) . Herbicide pollution could therefore be of great environmental concern for its potential effect on the recruitment rate of this important exploited species. Such an effect could also result in direct damage to gametes that are directly released in water in the case of external reproduction. Exposure of oyster sperm to diuron resulted in a decrease in sperm quality in terms of both DNA integrity (Akcha et al., 2012) and fertilization ability (Mai et al., 2013) .
The genotoxic effect of diuron has already been demonstrated in oyster. An increase in the level of DNA strand breaks was measured in the haemocytes after exposure of adults to 0.2-0.3 μg.L -1 for a short period of time (Barranger et al. 2014) . In the present paper, we also demonstrated its genotoxicity at trochophore larvae stage following embryo exposure from 0.05 µg.L -1 . In the present study, diuron genotoxicity is detected from the same concentration than that inducing a significant embryotoxic effect. The latter result appears different from the ones of Wessel et al. (2007) who investigated the toxicity of endosulfan, benzo(a)pyrene and 17α-ethinyl estradiol (EE2) on oyster. Taking into account all their data, they showed a statistical correlation between genotoxicity and embryotoxicity; proposing genotoxicity as an earlier molecular event involved in the developmental abnormalities of chemical pollutants. To explain the effect of diuron on oyster development, other physiological mechanisms than genotoxicity could be explored. Girard et al. (1996) demonstrated that a disturbance in calcium homeostasis can be involved in early embryotoxicity in marine invertebrates. A dysfunction of calcium ion pumps was hypothesized in the embryotoxicity of estradiol (Roepke et al. 2005 ) and lead (Osman et al. 2007 ) in sea urchin and African catfish respectively. Zhou et al. (2011) specifically measured the activity of Ca 2+ and Na 2+ ion pumps in the case of an exposure to phthalate ester in abalone species. They found a positive correlation between the disruption of both ion pumps and the morphological effects that would results from the alteration in both ionic balance and osmoregulation.
Diuron is more toxic than its studied metabolites
Even though the metabolic profile of diuron has not been established yet in oyster, biotransformation is expected to occur due to the low BCF of diuron. Moreover, the presence of enzymes involved in the biotransformation of pollutants has already been demonstrated in oyster and several bivalves. A monoamine oxidase and a flavincontaining monooxygenase were characterized in oyster and their responses to xenobiotic exposure were analysed (Boutet et al. 2004) . Moreover, the complete sequencing of the oyster genome allowed the discovery of numerous genes involved in response to environmental stress (Zhang et al. 2012) .
In this study, diuron metabolites appeared less toxic than the parent compound considering embryotoxicity as toxic endpoint at concentrations lower than 0.05 µgL -1 .
Embryotoxicity decreased with diuron metabolism as followed: diuron ≥ DCPMU = DCPU ≥ 3,4-DCA whereas genotoxicity was rather equivalent among the different chemical species.
Regarding embryotoxicity, biotransformation can thus constitute a true detoxication pathway by decreasing the toxicity of the parent compound. It is not always the case as biotransformation can also in some cases lead to the production of more reactive metabolites. As an example, the polycyclic aromatic hydrocarbon benzo [a] pyrene (BaP) undergoes biotranformation into the highly genotoxic compound 7,8-dihydrodiol-9,10-epoxyde-BaP (BPDE) by oxidation catalyzed by cytochrome P450 enzymes in fish (Wessel et al 2007) .
Comparing the toxicity of diuron to that of its metabolites is highly relevant. As a matter of fact, despite its rather strong persistence in water (Thomas et al., 2002) , diuron can be abiotically and biotically degraded (Stasinakis et al. 2009; Salvestrini 2013; Zeng & Arnold 2013) . Therefore, oysters can be in contact with both diuron and its N-demethylated metabolites in water bodies. Because oyster is also able to biotransform pollutants, it is worth studying the part of biotransformation in the toxicity of the herbicide in the aim to better understand the mechanisms involved and better assessed the chemical risk associated to the presence of the herbicide in the environment. Several studies have compared the toxicity of diuron and its metabolites. However, it has only be done so far using the standardized microtox test on both the bacteria Vibrio fischeri and the ciliate Tetrahymena pyriformis or a microalage-based bioassay. In the bacteria V. fisheri and the ciliate T. pyriformis, diuron and DCPMU were the most toxic molecules and DCPU the least or even not toxic (Tixier et al. 2000; Gatidou & Thomaidis 2007) . Using the same test, (2010) both established that diuron was more toxic than any of its metabolites for every species of microalgae they tested. The results of the present paper are the first ones to show the toxicity of diuron and its metabolites is on a filtering species. The results we obtained on the difference in toxicity between diuron and its metabolites are reliable thanks to the numerous independent experiments we conducted and the number of technical replicates we used. It is noteworthy that looking at different toxic endpoints may lead to different conclusions in comparing the toxicity of a substance and its metabolites, as the toxicity mechanisms involved could be different. In any way, our results are another hint that the toxicity of diuron and its metabolites are extremely species-and assayspecific as has been concluded previously (Bellas et al. 2005 ).
3,4-DCA did not show any embryotoxic potential to oyster larval stages and was only slightly genotoxic under the tested range of concentrations (low μg.L -1 ). 3,4-dichloroaniline is a classical final product of the biotransformation of phenylurea herbicides in animals (Tixier et al. 2001) . It is classified as very toxic to aquatic life with long-lasting effects following the Global Harmonized System of Classification and Labelling of Chemicals (GHS). DCA is a class 1 acute and chronic toxicant to aquatic life following the Classification, Labelling, Packaging (CLP) Directive (2008/1272/EC). 3,4-DCA is also a classical positive control in fish embryotoxicity assay. However, toxic and embryotoxic effects reported in fish for 3,4-DCA are observed at concentrations nearly one order of magnitude higher than those tested in the present study. For fish embryotoxicity assay, EC50 values are in the range of mg.L -1 (Zhu et al. 2013; Saeed et al. 2015 ), e.g., around 6 mg.L -1 in the zebrafish (Braunbeck & Lammer 2006) . In crucian carp, Li et al. (2003) showed that 3,4-DCA triggered necrosis and degenerative lesions in liver that could be due to oxidative stress and lipid peroxidation from the concentration of 0.2 mg.L -1 . The effective toxic concentration of 3,4-DCA is also high in other species such as D.
magna. Using the immobilization test, a higher toxicity was shown for diuron metabolites compared to the parent compound, 3,4-DCA being the most toxic one with an EC50 value of 226 mg.L -1 (Neuwoehner et al. 2010) . It is therefore not surprising to not have observed signs of embryotoxicity after 3,4-DCA exposure in oyster for the concentrations tested in the present study.
Biotransformation of diuron in oyster is consequently expected to reduce the toxicity of diuron but at different extent with different endpoints. This could be explained by difference in the mechanisms involved in different species. Moreover, other byproducts should be considered, as free radicals that can also be generated during biotransformation of the parent compound.
Diuron toxicity involves ROS production
ROS production is believed to be one of the major mechanism underlying target and nontarget toxicity of many classes of pesticides (Slaninova et al. 2009 ). It has been widely illustrated for the herbicide paraquat, a non-selective contact herbicide of the dipyridinyl class. This herbicide interferes with intracellular electron transfer systems in plants and animals leading to the generation of the superoxide anion which in turn leads to the formation of more toxic oxygen reactive species such as hydrogen peroxide and hydroxyl radical (Winston & DiGiulio 1991) . ROS interact with unsaturated lipids of membranes resulting in the destruction of cellular compounds leading to necrotic and apoptotic death (Bus and Gibson 1984; Kappus 1986 ). The mode of action of the herbicide diuron in plants is based on the release of ROS, leading to oxidative damage to pigments, proteins, nucleic acids and lipids (Geoffroy et al. 2002) . In non-target species, ROS have been suspected to be responsible for diuron toxicity as well. Diuron toxicity in the urinary bladder of rats had been shown to be mediated by ROS production, with a significant over-expression of genes involved in oxidative stress (Ihlaseh et al. 2011) . In oyster, Bouilly et al. (2007) showed an increase in ROS production in the haemocytes following a 4-week exposure to 0.3 and 3 g.L -1 of diuron. Decrease in the activity of the antioxidant enzyme superoxide dismutase was also reported in oyster after exposure to 1g.L -1 diuron for 6 and 24h (Luna-Acosta et al. 2012) . Moreover, the genotoxic effect of diuron demonstrated by the comet assay in oyster (Akcha et al, 2012; Barranger et al. 2014 , this study) is another indirect clue that diuron toxicity could be mediated by oxidative stress. Indeed, the comet assay allows the detection of DNA strand breaks that are known to result mainly from the attack on the DNA by ROS.
Measurement of ROS production inside an organism can only be done by comparing induced peak values with background level since natural biological processes generate ROS. It is more challenging to measure ROS during embryogenesis and in early larval stages that are characterized by strong fluctuating cellular activities and ROS production (Hutchinson et al 1998; Mohammed 2013) . Moreover, ROS have by definition very short lifetime. These are the reasons why classical ways of investigating oxidative stress in organisms are to measure its effects on enzyme activities or macromolecules such as catalase, glutathione-S-transferase, lipid peroxidation or DNA adducts (Lushchak 2011 ).
To get a more "real-time" picture of ROS production inside cells, different techniques are available such as flow cytometry that is the most widely used technique thanks to the development of ROS-sensitive fluorescent probes. However, such studies are usually performed on single cells from multi-cellular organisms or on unicellular organisms.
In the present study, co-exposure with known anti-oxidant compounds followed by flow cytometry analysis allowed us to highlight the involvement of ROS in the toxicity of diuron and its metabolites. L-Ascorbic acid is a form of vitamin C that can provide as its reduced ion ascorbate two electrons to terminate chain reactions initiated by free radicals before their reaction with biological molecules (Suntres, 2002; Evans & Halliwell, 2012) .
Moreover, ascorbic acid is also able to regenerate other antioxidant molecules such as α-tocopherol, glutathione (GSH) and β-carotene (Evans & Halliwell 2012) . N-acetylcysteine is first metabolised in the organisms to form molecules able to promote detoxification, scavenge free radicals and stimulate GSH synthesis (Zafarullah et al. 2003) . The efficiency of these molecules to limit the toxicity of chemical pollutants has already been mentioned in the bibliography. In the study from Vismara et al. (2001) , the embryotoxicity of paraquat on the frog Xenopus laevis was significantly reduced when the animals were coexposed with ascorbic acid. It is worth mentioning that ascorbic acid on its own can induce embryotoxicity in oyster when present at concentrations above 100 μM (results not shown). Such an effect has already been reported at high doses (500 mg/day in human leucocytes) and it has been explained by the ability of ascorbic acid to accelerate the generation of hydroxyl radical by quickening the redox cycling of free metal ions (Evans and Halliwell 2012) .
Conclusions
In the present study, the embryotoxicity and genotoxicity of diuron and its DCPMU and DCPU metabolites were shown in early life stages of the Pacific oyster at environmentally relevant concentrations. Herbicide pollution could therefore be of great environmental concern for its potential effect on the recruitment rate of this important exploited species.
The final metabolite of diuron, 3,4 DCA, was only slightly genotoxic to oyster trochophore larvae. It appeared to be devoid of embryotoxic effect for the tested concentrations. These concentrations were one order of magnitude lower than those used as positive controls in fish embryotoxicity test. Regarding our results, biotransformation can constitute a detoxication pathway in oyster by decreasing the embryotoxicity of the parent compound.
Diuron biotransformation is expected to occur in oyster due to the low BCF values calculated for this organism. To bring direct evidence of the ability of the oyster to biotransform diuron, LC-MS/MS analysis are currently in progress in order to detect and quantify the different diuron metabolites produced by oyster during its life cycle. Because it is a species with external reproduction, it is of particular interest to study and compare also the ability of gametes to biotransform pesticides due to their direct release in the surrounding waters.
Oxidative stress is involved in both toxic endpoints measured in the oyster. ROS overproduction is commonly observed in the case of pollutant exposure and is a well known mediator of toxicity. ROS can directly react with the DNA being responsible of DNA damage. Concerning their effects on oyster development, further research is needed to identify the mechanisms involved. The impact of herbicide exposure on calcium homeostasis is also a point that need to be investigated in parallel. Data that do not show same letters differ significantly (p < 0.05). Data that do not show same letters differ significantly (p < 0.05). 
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